Fungicides are indispensable to global food security and their use is forecasted to intensify. Fungicides can reach aquatic ecosystems and occur in surface water bodies in agricultural catchments throughout the entire growing season due to their frequent, prophylactic application. However, in comparison to herbicides and insecticides, the exposure to and effects of fungicides have received less attention. We provide an overview of the risk of fungicides to aquatic ecosystems covering fungicide exposure (i.e., environmental fate, exposure modeling, and mitigation measures) as well as direct and indirect effects of fungicides on microorganisms, macrophytes, invertebrates, and vertebrates. We show that fungicides occur widely in aquatic systems, that the accuracy of predicted environmental concentrations is debatable, and that fungicide exposure can be effectively mitigated. We additionally demonstrate that fungicides can be highly toxic to a broad range of organisms and can pose a risk to aquatic biota. Finally, we outline central research gaps that currently challenge our ability to predict fungicide exposure and effects, promising research avenues, and shortcomings of the current environmental risk assessment for fungicides.
■ INTRODUCTION
As fungal diseases are a major threat to crop production, 1 the application of fungicides to control fungal infestations is often considered indispensable to secure global food supply. 2 In the European Union (EU), fungicide sales (based on mass) account for more than 40% of the total pesticide sales with synthetic, organic fungicides accounting for approximately 60% of all fungicides. 3 In wine-growing regions, fungicides can account for more than 90% of all pesticide applications. 4 Moreover, fungicide use is regionally predicted to increase because of changes to climatic conditions, development of fungicide resistance, and invasive fungal species. 1,5,6 Following their use, fungicides can enter aquatic ecosystems via point (e.g., discharge from wastewater treatment plants following domestic and agricultural use 7 ) and nonpoint (e.g., drift, drainage, surface runoff primarily from agricultural use 8 ) sources. In aquatic systems, fungicides can be toxic to a wide range of nontarget organisms as they act on basic biological processes that are not specific to fungi (e.g., energy production). 9,10 Despite intensive use of fungicides and the associated potential ecotoxicological risks in nontarget aquatic systems, the environmental fate and effects of fungicides have received far less attention compared to insecticides and herbicides. For instance, only 13% of studies on pesticide effects between 1991 and 2013 focused on fungicides, compared to 62% and 24% for insecticides and herbicides, respectively. 11 Therefore, we provide an overview of the risk of fungicides to aquatic ecosystems. Our review (details on the literature search can be found in the Supporting Information (SI)) focused on synthetic, organic fungicides given that the fate and effects of inorganic fungicides, such as copper, have been reviewed previously. 12, 13 The first part of our review focuses on fungicide exposure including environmental fate, exposure modeling, and mitigation measures. Subsequently, we review direct and indirect (i.e., mediated through another species/ organism group that has been directly affected) effects of fungicides on microorganisms, macrophytes, invertebrates, and vertebrates. In the third part, we evaluate the risk based on the fungicide exposure and toxicity in aquatic environments. Finally, we distill research gaps and avenues for future exploration and provide recommendations for amendments of current environmental risk assessment (ERA) procedures for fungicides.
■ EXPOSURE
Use. In agricultural landscapes, fungicides are used predominantly on fruits and vegetables and contribute to more than 35% of the pesticide market share worldwide. 14 Geographically, Europe is considered the dominant market for fungicides with major applications on grains and cereals (e.g., wheat), fruits (with particularly intensive use in viticulture), and vegetables. 14 In the United States (U.S.), which represents 80% of the total fungicide use in North America, 14 fungicides account for less than 10% (including inorganic fungicides) of the total mass of pesticides applied. 15 Dithiocarbamates, chloronitriles, demethylation inhibitors (DMIs), and strobilurins constitute major fungicide groups accounting for approximately 65, 12, 7 , and 6% of the total synthetic fungicide mass used in the U.S. (estimated based on U.S. Geological Survey's (USGS's) preliminary data for 2016 15 ). Moreover, dithiocarbamates (aggregated with carbamates) and DMI fungicides account for approximately 29 and 24% of the mass of synthetic fungicides sold in the EU, whereas specific data on chloronitriles and strobilurins are lacking (subsumed under "other fungicides" accounting for more than 40%; estimates for 11 member states reporting sales 3 ). Fungicides are applied either to seeds or directly on crops. Many of the seed-treated fungicides possess systemic action, that is, they can be taken up into plant tissues where they provide protection against pests and pathogens similar to their insecticidal counterparts. 16, 17 Seed-applied fungicides are effective against soil-borne pathogens, but have the potential to persist at low concentrations for up to several months in the plant or the rhizosphere. 18−20 Regarding direct application on crops, the common use of fungicides in three-dimensional crops, such as trees and vine branches, can drastically increase the drift distances with higher nozzle height increasing the risk of fungicide transport to adjacent aquatic systems. 21 This risk is heightened since fungicides, unlike most other pesticides, are typically applied prophylactically and often as frequently as 10 times per season to target crops, such as grapes. 22 Despite the intensive fungicide use, fungal pathogens are responsible for 7−24% of losses in yields to commodity crops, 1,23 which can partly be attributed to the development of resistance to commonly used fungicides. Depending on the pathogen genome and the mode of fungicidal action, fungal pathogens can develop resistance within a few years of exposure. 24, 25 This requires a constant search for new fungicides and novel treatment strategies. Effective measures to prevent resistance include decreasing both amount and application frequency, 26 or combining the application of several fungicides with different modes of action. 27, 28 In urban areas, fungicides released from paints and coatings on walls, flat roofs, and basement seals can contribute considerably to fungicide inputs into aquatic ecosystems. 29−32 Because of the need for long-term protection, urban fungicide application to buildings can occur year-round, which can lead to fungicide mobilization primarily during precipitation events. 32, 33 Moreover, fungicides are applied to public and private spaces (e.g., golf courses, lawns, gardens), 34 and were detected in both treated and untreated wastewater resulting from their use as human pharmaceuticals, as well as in wood and coating preservatives. 7, 35 Consequently, fungicides used intensively in both agricultural and urban landscapes are . Violin plots of physicochemical properties related to pesticide mobility and dissipation in aquatic systems for major fungicide groups (only substances currently registered for use in the EU are shown; chloronitriles [i.e., chlorothalonil]: n = 1/1/1/1/1, demethylation inhibitors: n = 22/6/22/19/20, dithiocarbamates: n = 6/3/6/6/6, strobilurins: n = 9/4/9/9/9, for A, B, C, D, and E, respectively; extracted from the Pesticide Properties DataBase 40 ). See caption of Figure 1 for more details. released into the environment throughout the year potentially posing a risk to aquatic organisms.
Physico-Chemical Properties. In general, fungicides are moderately lipophilic (median log octanol−water partition coefficient (K ow ): 3.2; Figure 1A ), a feature well-reflected by all major fungicide groups except for dithiocarbamates (median log K ow : 1.5; Figure 2A ). Moreover, fungicides in general have moderate to high adsorption potential to organic carbon (median log organic carbon−water partition coefficient (K oc ): 6.9; range of median log K oc for the four major fungicide groups: 6.7−7.9; Figures 1B and 2B ). Consequently, fungicides may adsorb to sediments and organic surfaces in aquatic systems as documented in several field studies. 36−39 Similar to highly lipophilic pesticides, such as pyrethroid and organophosphate insecticides (log K ow 5−7), the amount of sorbed fungicides is typically positively correlated with the content of organic carbon in particle complexes. 38 In spite of their lipophilic properties, fungicides still exhibit moderate to high mobility in the soil/pore water matrix, 22 as emphasized by their frequent detection in water, while their water solubility is highly group-specific (range of medians for log water solubility: −0.2 to 3.7; Figure 2C ). Moreover, fungicides are moderately to highly persistent in water (median 50% dissipation time (DT 50 ): 5 days; also referred to as half-life) as well as in soils (median DT 50 : 54 days), with half-lives similar to herbicides and insecticides ( Figure 1D ,E). 40 The half-lives in water and soils, however, often vary among and within compound classes ( Figure 2D ,E), which complicates the estimation of fungicide dissipation. For example, triazole fungicides (a group of DMI fungicides) contain compounds that are stable to hydrolytic degradation (e.g., penconazole and difenoconazole) as well as compounds that are quickly degraded (e.g., myclobutanil). 40 Detection in Aquatic Systems. The coupling of frequent applications with moderate to high environmental persistence and mobility raises concerns about chronic exposure of biota in agricultural and urban surface water bodies. However, fungicide surface water exposure has received little attention compared to insecticides and herbicides. 41, 42 While a considerable number of small, localized studies contain quantitative data on fungicides in freshwater bodies, large scale (i.e., nationwide or continental) pesticide monitoring efforts in the U.S. and the EU have only given cursory consideration to a few fungicides. 43, 44 Moreover, many of these large scale monitoring studies focus on grab water samples only, which generally underestimate the number and concentrations of pesticides in streams. 45, 46 When analyzing the data set compiled for this review (see Supporting Information for details), chloronitriles, DMI fungicides (i.e., triazoles), and strobilurin fungicides constituted 41% of all observations (1090 concentrations of 46 fungicides; Table 1 ). For dithiocarbamates, in contrast, only limited observations were available (SI Table S1 ). Moreover, carboxamide (10% of all observations) and organophosphate (9%) fungicides were comparatively often detected, though detections were generally limited to North America and Asia, respectively (Table 1) . Subdividing these data by continental origin additionally shows that mean concentrations were significantly lower in North America compared to all other continents (Wilcoxon rank sum test; p < 0.001). This is not an artifact of sampling effort (similar number of detections as in Europe; Figure 3 ), but may reflect a lower use on the landscape level as, for instance, fungicide use per harvested area is considerably lower in the U.S. compared to major European crop producing countries (e.g., France: factor 11; Germany: factor 7). 3,15,47 Most sites were affected by multiple land-use types (e.g., agricultural streams often were additionally affected by urban sources), and the lack of quantitative information on the relative contributions of land-use types hampered an analysis of their relation with fungicide exposure. Local and regional field studies have documented the widespread and worldwide occurrence of fungicides in both agricultural and urban surface waters (SI Table S1 ). These studies indicate that aquatic biota may be chronically exposed to low or moderate fungicide concentrations and exposure might be punctuated by much higher concentrations during storm events, especially in seasons and regions with intense or continuous fungicide use. For instance, throughout and after the growing season, fungicides were detected in up to 75% of U.S. streams draining soybean production areas, 22, 48 and virtually in all sediments sampled in areas with intense potato cultivation. 38 In several European countries, propiconazole, boscalid, and carbendazim were among the most frequently detected pesticides and commonly occurred in mixtures with 2−3 herbicides. 45 Summarizing studies with comprehensive fungicide monitoring (including ≥5 fungicides), detection frequencies in streamwater and sediments typically exceed 75% and extended up to 96% in catchments dominated by agriculture. 38, 39, 49, 50 While fungicides are detected in agricultural streams throughout the year, 51 highest concentrations in streamwater occur during the growing season, 42 and highest concentrations in stream sediments occur postharvest. 39 This indicates that fungicides may persist in stream systems (particularly in sediments) during periods with frequent fungicide use, thereby increasing exposure duration at low concentrations locally and potentially downstream, through sediment remobilization. Furthermore, similar to herbicides and insecticides, fungicide occurrence depends on stream hydrology and several studies report the highest fungicide concentrations during storm events where concentrations might exceed base flow concentrations by a factor of 10. 49 In European surface waters, higher median concentrations were observed for fungicides (0.96 μg/L; n = 87; 23 compounds) compared to those of herbicides (0.063 μg/L; n = 852; 36 compounds) and insecticides (0.034 μg/L; n = 1408; 59 compounds). 53 This might be related to the persistence of many fungicides in the environment, application rates/scenarios, and/or spatial patterns of their agricultural use in the landscape. Accordingly, individual fungicides have been reported at concentrations exceeding 1 μg/L in streams during base flow, and sum concentrations of several dozen μg/L were detected during runoff. 8,50,54 While little information is available on fungicide exposure in ponds and lakes, fungicide concentrations of up to 6 μg/L in the water and 97 μg/kg in sediments have been reported for these systems. 55, 56 Compared to agricultural surface waters, the entry pathways and fate of fungicides in urban watersheds are even less understood. Fungicides in urban streams receiving wastewater effluents have been reported at sub μg/L levels. 32, 57, 58 However, in a study on 100 small streams across the U.S., fungicide concentrations of urban streams even exceeded those of agricultural streams. 59 Exposure Modeling. During the prospective risk assessment of pesticides, exposure modeling is used to estimate predicted environmental concentrations (PECs) of compounds not yet authorized or under re-evaluation. 60 Moreover, six studies used exposure modeling to calculate pesticide PECs in water bodies, employing water quality or leaching models relying on substance properties and environmental conditions. These studies indicate that under specific environmental conditions (worst-case soil conditions, heavy precipitation events), substantial amounts of fungicides can be transported into surface waters by surface runoff. 61−63 Only three studies have compared fungicide PECs, based on different modeling approaches, with actual surface water concentrations: predicted runoff concentrations from a simple model (based mainly on soil, slope, precipitation) were in good agreement with concentrations measured in small lowland streams. 64 In contrast, when applying realistic worst-case climate, soil, and landscape conditions, the predictions of the FOCUS (FOrum of the Coordination of pesticide fate models and their USe) modeling approach, which is used in the European ERA, underestimated up to 25% of the fungicide concentrations measured in European agricultural surface water bodies. 41 The same was shown for two fungicides (i.e., chlorothalonil and cymoxanil) when concentrations measured in Portugal were compared to PECs calculated for the Mediterranean scenarios of the FOCUS approach. 65 Mitigation of Exposure. Several technologies can mitigate pesticide input into aquatic systems via spray drift and runoff. 66 Besides reducing the amount of applied fungicides, 67 increasing the distance from surface water bodies to sprayed agricultural fields is among the most efficient mitigation 66 The efficiency of nonsprayed buffer strips might be further increased by dense vegetation shielding surface water bodies from spray drift. However, only 25% of 104 sites exhibited a sufficiently dense vegetation during a survey within a vine growing region in Palatinate, Germany, 68 where fungicides are heavily used. 4 Buffer strips can also mitigate runoff from agricultural fields. 67 A field study in Denmark indicated that the width of buffer strips was critical to predicting in-stream pesticide concentrations, 69 which was likely driven by an infiltration of pesticide-contaminated water and sedimentation of pesticide-loaded soil particles. 70 Along these lines, several studies reported erosion rills (i.e., preferential flow paths) to substantially reduce the mitigation potential of vegetated buffer strips for pesticide entry via runoff. 8, 71 For instance, erosion rills completely eliminated the effectiveness of a 52 m buffer strip. 72 Hence, buffer strips might be an efficient mitigation measure for pesticide (or fungicide) entry into surface water bodies in the absence of preferential flow paths and if their vegetation is properly managed to optimize both cover and density.
Once fungicides are released into a stream, vegetated ditches, (constructed) wetlands or, more generally, vegetated treatment systems (VTSs) are effective measures to reduce concentrations. 66, 73 The efficiency of VTSs seems to depend on the physicochemical properties of the compound as well as system-inherent physical, hydrological and biogeochemical properties. 74 For example, the affinity of pesticides to organic carbon (K oc ), their half-life in water (DT 50 ), and the hydraulic retention time and plant density of the VTS were identified as variables determining the pesticide removal efficiency of VTSs. 74 Although data for more polar, water-soluble compounds (relevant for several fungicide groups) are limited, a recent field study indicates that similar VTS properties (e.g., plant density and size-related properties) control mitigation of peak fungicide exposures. 75 Given the diversity and multitude of possible combinations of physicochemical properties of fungicides and VTS characteristics, removal efficiencies vary largely. 76 Accordingly, several studies reported fungicide removal efficiencies via sorption to sediment or biodegradation in VTSs between 50 and 100%, 77, 78 whereas only up to 10% of the applied fungicide load might be retainedpassively or activelyby macrophytes, 79 depending on their growth stage. 80 
■ EFFECTS
We identified 99, 52, 108, and 84 relevant (see SI) studies dealing with fungicide effects on microorganisms, macrophytes, invertebrates, and vertebrates, respectively (Table 2) . In most cases, the five most studied fungicide groups for all taxonomic groups were represented by the four major fungicide classes identified above plus the benzimidazoles, which played an important role in the past. 81 The DMI fungicides always ranked first by organism group, except for macrophytes, where strobilurins were most frequently studied. Regarding microorganisms, the number of studies dealing with algae, bacteria, and fungi was relatively similar, whereas other microbial groups received hardly any attention (Table 2) . For macrophytes, almost exclusively Lemna and rooted macrophytes were assessed. The data for invertebrates are strongly biased toward crustaceans (particularly Daphnia spp. and Gammarus spp.). Considerably fewer studies dealt with insects and molluscs, and studies dealing with other invertebrate groups are scant.
Regarding vertebrates, there are more studies on DMI and dicarboximide fungicide toxicity to fish than studies on amphibians, though numbers were more balanced for other fungicide groups (but see small n). For all organism and fungicide groups, most studies were conducted in the laboratory. Only a few semifield mesocosm studies were performed that mostly focused on lentic systems, and almost no field studies have been conducted (Table 2) .
Direct Effects. We analyzed direct effects, defined as direct physiological or biochemical responses of an organism to toxicant exposure. Our analysis was confined to substance groups for which data on at least three of the four organism groups (i.e., microorganisms, macrophytes, invertebrates, and vertebrates) were available (i.e., the four major fungicide groups (DMIs, strobilurins, chloronitriles, and dithiocarbamates) and the benzimidazoles).
DMI Fungicides. The DMI fungicides contain several chemical groups, such as the triazoles and imidazoles, that share a common mode of action (MoA), namely to block the cytochrome P450 monooxygenases (CYP)-mediated step responsible for fungal ergosterol production and thus cell wall synthesis. 9 This group contains compounds that can be highly toxic to microorganisms and impede ecosystem functioning, whereas acute toxicity in macrophytes, invertebrates, and vertebrates, in test systems, is relatively low (see Table 3 for terminology in this section). Regarding microorganisms, for instance, only 2 out of 10 tested algae and cyanobacteria species showed significant effects on 14 C uptake when exposed to moderate concentrations (83 μg/L) of the triazole propiconazole. 82 By contrast, the triazoles tebuconazole and epoxiconazole were highly toxic (significant effects at 1 μg/L) to aquatic fungi. 83 Accordingly, triazoles were also found to affect important ecosystem functions. For instance, tebuconazole concentrations as low as 2 μg/L inhibited respiration and photosynthesis in heterotrophic and photoautotrophic biofilm and plankton communities. 84 Moreover, a few studies showed effects on the functioning of microbial communities associated with decomposing leaf material. 85−88 The imidazole climbazole retarded the growth of the aquatic plant L. minor (concentration resulting in 50% effect (EC 50 ) of 13 μg/L). 89 This was attributed to a phytohormone imbalance linked to the biosynthesis of gibberellin.
Although DMI fungicides largely showed acute toxicity to invertebrates only at high concentrations (but see, e.g., Sisodia   Table 3 . Terminology Used to Classify Toxicity (Adapted from the Pesticide Properties DataBase 40 ) concentration at which toxicity is reported (in mg/L) terms used Acute Toxicity >100 "low toxicity" or "toxic at high concentrations" 0.1−100 "moderate toxicity" or "toxic at moderate concentrations" <0.1 "high toxicity" or "toxic at low concentrations" Chronic Toxicity >10 "low toxicity" or "toxic at high concentrations" 0.01−10 "moderate toxicity" or "toxic at moderate concentrations" <0.01 "high toxicity" or "toxic at low concentrations" 90 ), sublethal effects such as altered food processing, lowered energy reserves as well as reduced growth and reproduction were partly observed at very low concentrations (i.e., in the (sub-)μg/L range). 91−93 The effects on growth and reproduction might result from energy being shunted toward detoxification of fungicides, but could also be triggered by an antiecdysteroid action as demonstrated for a variety of DMI fungicides. 94−96 The MoA of DMI fungicides is cause for concern for vertebrate toxicity because CYP isoforms are involved in the conversion of cholesterol to active sex steroids, biochemical pathways that are highly conserved among vertebrates. 97 Although these fungicides can cause mortality and malformations (at about ≥5 mg/L) and affect growth and development (at about ≥1 mg/L), 98 their most commonly reported effects on amphibians and fish is disruption of sex steroidogenesis and associated downstream effects on gonadal development, sex ratios, and fecundity. 97, 99, 100 A specific feature of DMIs among fungicides is their potential to act as synergists in mixtures, likely by inhibiting CYP enzymes involved in phase I biotransformation of xenobiotics. 101 Synergistic effects were partly demonstrated in microorganisms, for instance for Raphidocelis subcapitata when exposed to mixtures of ketoconazole and macrolide antibiotics. 102 This was not confirmed for other mixtures (for instance exposing R. subcapitata and Vibrio f ischeri to mixtures of prochloraz and other pesticides). 101 While synergistic action of DMIs is not documented for macrophytes, it was shown for invertebrates such as D. magna and G. fossarum. 101, 103 DMIs' synergistic effects in invertebrates are substance-specific and only occur above lower threshold concentrations of the synergists. These thresholds decrease with exposure time. 104 No studies examined the potential of DMI fungicides to produce synergistic effects in aquatic vertebrates.
Strobilurins. The strobilurins act by inhibiting the electron transfer from cytochrome b to cytochrome c 1 in the fungal mitochondrial membrane. 9 They can be highly toxic (Table 3) to all groups of organisms. In outdoor microcosm studies, pyraoxystrobin and azoxystrobin triggered transient effects in phytoplankton communities at 1 and 3.3 μg/L, respectively. 105, 106 High toxicity of azoxystrobin is also reported for aquatic fungi, with no-observed effect concentrations (i.e., lowest concentrations for which no statistically significant effects were detected) for growth as low as 2 μg/L. 83 While community composition of leaf-associated fungi is reported to be affected at moderate azoxystrobin concentrations, functional effects in these communities seem to be triggered only by high concentrations of strobilurin fungicides. 88, 107 In the aquatic macrophyte Myriophyllum quitense, 50 μg/L of azoxystrobin caused oxidative stress and DNA damage. 108 Apparently, these effects do not propagate to the population level as, for instance, no consistent, treatment-related effects were detected on the biomass of the rooted macrophyte species Elodea nuttallii in aquatic microcosms dosed with up to 33 μg/L. 106 However, for Chara globularis, a macro-alga− transient declines in percentage of cover occurred at 3.3 μg/ L. 106 Strobilurins were repeatedly shown to be moderately to highly toxic to aquatic invertebrates. For instance, the 96-h LC 50 (concentration resulting in 50% mortality) of pyraclostrobin for D. magna was only 14 μg/L, 109 and sublethal effects on respiration and reproduction in the same species were found at azoxystrobin concentrations as low as 0.026 μg/L. 110 Accordingly, strobilurins also trigger effects in invertebrate communities at low concentrations. Copepods reacted most sensitively to azoxystrobin with reductions in abundance at approximately 3 μg/L in brackish outdoor and indoor mesocosms as well as in freshwater outdoor mesocosms. 106, 111 Several studies that examined the effects of strobilurin fungicides on amphibians reported mortality at field-relevant concentrations. As an example, pyraclostrobin resulted in 100% mortality for tadpoles of Bufo cognatus at 1 / 10 the label rate for corn (corresponding to 15 μg/L). 112 Several studies also reported that strobilurins reduced growth and produced malformations. 113−115 The only study addressing strobilurins' effects on the endocrine system deals with the effects of trifloxystrobin on medaka as a potential endocrine disruptor through affecting sex hormones and xenobiotic metabolism. 116 Benzimidazoles. Benzimidazole fungicides inhibit microtubule assembly in fungal mitosis. 9 While these fungicides seem to be mostly of low toxicity to aquatic microorganisms, macrophytes, and vertebrates, they can be highly toxic (Table  3) to invertebrates. As benzimidazoles are of low to moderate toxicity to algae, 117 no direct effects on phytoplankton communities are reported in the literature. Similarly, carbendazim was of low toxicity to the eight aquatic fungal species tested by Dijksterhuis et al. 83 and the 18 species tested by Chandrashekar & Kaveriappa. 118 Consequently, functioning of leaf-associated fungal communities was only affected at high concentrations. 88, 119 Both in an indoor microcosm study and an experimental ditch study using concentrations up to 1 mg/ L, no direct toxicity of carbendazim to aquatic macrophytes was found. 119, 120 Carbendazim was moderately to highly toxic to most of the 11 invertebrate species tested by van Wijngaarden et al., with flatworms, oligochaetes, amphipods, and cladocerans being most sensitive. 121 Accordingly, carbendazim was also moderately toxic to temperate and tropical (i.e., Thailand) zooplankton and macroinvertebrate communities in indoor microcosms and outdoor mesocosms, 119, 120, 122 while Amazonian macroinvertebrates were in general much more tolerant to carbendazim exposure than their temperate relatives. 123 Similarly, while carbendazim was of moderate to low toxicity to fish, Amazonian species appeared to be slightly less sensitive than temperate ones. 123 Chlorothalonil. Chlorothalonil, a chloronitrile fungicide, is the most studied multisite fungicide, featuring several molecular target sites or MoAs. 9 Chlorothalonil exhibits moderate to high toxicity (Table 3) to several organism groups, although acute toxicity to phytoplankton and invertebrates was rather low. While effects on individual species of algae were detected, 124 the very few studies that assessed phytoplankton in mesocosm systems indicate negligible direct effects even at high concentrations, whereas reduction in leaf litter decomposition detected in these studies indicated negative effects on leaf-associated fungi. 125, 126 This is in agreement with very low concentrations (0.02−1.8 μg/L) inhibiting the growth of a fungus parasitizing amphibia (Batrachochytrium dendrobatidis; Bd), 127 whereas no direct effects on zoonotic pathogens (Escherichia coli) and fecal indicator bacteria were found. 128 Chlorothalonil displayed high toxicity to a range of macrophyte end points. 129 Although direct effects on aquatic plants in single species tests (L. gibba) were observed, studies under more realistic conditions, including combined applica- tions (tank mixtures) and repeated application schedules, could not confirm these effects. 124 Acute toxicity of chlorothalonil to invertebrates seems to be low to moderate, 130, 131 whereas sublethal behavioral and developmental effects occurred at very low concentrations. 132, 133 Moreover, most studies examining the effects of chlorothalonil exposure on aquatic vertebrates reported increased mortality at environmentally relevant concentrations, 126, 130, 134, 135 consistent with amphibian mortality events that were documented after chlorothalonil was applied to cranberry bogs. 136 Several chlorothalonil studies also report reduced growth, developmental malformations, and alterations to immunity and organ integrity. 134,137−139 Although few studies have explored the endocrine disrupting effects of chlorothalonil on aquatic vertebrates, several studies have reported nonmonotonic dose responses that might indicate endocrine disruption. 127, 134 Dithiocarbamates. Another relatively well studied compound group of multisite fungicides are the dithiocarbamates. In laboratory microcosms, nabam and thiram showed low to moderate toxicity (Table 3 ) toward algae and bacteria. 140, 141 Accordingly, effects on several phytoplankton species in outdoor mesocosms dosed with metiram occurred only at concentrations above 300 μg/L, whereas no effects on the structure and functioning of leaf-associated fungal communities were detected, even at these high concentrations. 142 This is consistent with very high effect thresholds of mancozeb for these fungi. 118, 143 Studies on dithiocarbamate toxicity toward macrophytes are lacking.
Crustaceans were relatively sensitive (48 h EC 50 between 10 and 20 μg/L) toward thiram, and metiram in outdoor mesocosms transiently affected rotifers at 12 μg/L. 141, 142 Similarly, trophic niche width of freshwater gastropods was altered by a thiram concentration of 35 μg/L. 144 Moreover, mancozeb and maneb exposure have been reported to reduce survival, growth, and immunity, increase malformations and oxidative stress, and alter behavior in vertebrates in the μg/L range. 145, 146 Indirect Effects. Indirect fungicide effects, defined as effects mediated through another species/organism group that has been directly affected, have received far less attention than direct effects. This is because their study requires more complex test systems often involving multiple populations or communities and knowledge about the food web in the test system. Consequently, the deduction of indirect effects remains speculative in many cases. For microorganisms, an indirect effect reported by a few studies is an increase in phytoplankton abundance or biofilm biomass due to fungicide exposure. This effect was observed for fungicides covering a range of MoAs, including azoxystrobin, 111 carbendazim, 120, 147 chlorothalonil, 125, 126 fluazinam (i.e., 2,6-dinitro-aniline), 148 organochlorine fungicides (2,4,6-trichlorophenol and pentachlorophenol), 149, 150 and thiram. 151 The pattern was linked to a reduced grazing pressure by affected invertebrate consumers or, as hypothesized by Staley et al., 152 by microorganisms benefiting from the metabolization of fungicides or organic material set free by dying organisms. Less frequently, indirect effects mediated via interactions within microbial communities were reported. For instance, the reduction in a dominant diatom species in outdoor flow-through mesocosms dosed with 35 μg/L thiram increased diversity of diatom assemblages. 151 Furthermore, the reduction of protozoan predators by exposure to chlorothalonil at 170 μg/L increased abundances of fecal indicator bacteria and microbial pathogens. 153 Regarding macrophytes, a reduction in pathogenic pressure was considered responsible for the increased biomass of E. nuttallii in indoor microcosms at high carbendazim concentrations (330 and 1000 μg/L). 119, 120 However, this was not confirmed in a more complex ditch experiment (Gertie Arts, personal communication).
A few multispecies studies on invertebrates reported increases in certain zooplankton and macroinvertebrate taxa following fungicide exposure, potentially because of the loss of interacting species. Such effects are reported for carbendazim, 119, 120, 147 metiram, and thiram, 142, 154 and pentachlorophenol. 150 Studies focusing specifically on interactions between invertebrate species found additional evidence for indirect effects. For example, exploitative competition through rotifers alleviated effects of moderate carbendazim concentrations on Daphnia populations. 155 Similarly, certain combinations of carbendazim concentrations and densities of the competitor Asellus aquaticus alleviated fungicide effects in G. pulex because of predation on the asselids. 156 In contrast, predation success of the turbellarian Dendrocoelum lacteum on A. aquaticus was reduced when both were exposed to very high concentrations of tebuconazole (i.e., 1500 μg/L). 157 Moreover, fungicide effects on leaf-associated microorganisms might alter food processing, as well as reduce energy reserves and survival in leaf-shredding invertebrates. [86] [87] [88] 93 In contrast, leaves from trees treated with systemic fungicides featured an increased resource quality for both aquatic microorganisms and invertebrates, which might be related to a reduced pressure of fungal infestations in treated plants allowing them to divert more energy and carbon from defense mechanisms to growth or energy storage. 158 A few studies also showed indirect effects in aquatic vertebrates because of altered predator−prey interactions. For instance, exposure to the triazole fungicide myclobutanil at 10 μg/L increased predation rates on salmon, 159 whereas sublethal exposure to the strobilurin fungicide trifloxystrobin (at 96−230 μg/L) reduced predation rates on tadpoles. 160 Moreover, fungicides can affect host-parasite interactions through toxicity to fungal pathogens of aquatic vertebrates, 127 reducing fungal infections. 161 However, many fungicides are also immunomodulators. 134, 137 Thus, their net effect on infection risk will depend on the strength and duration of both immunomodulation of the host and toxicity to the pathogen. 134, 137, 162, 163 For example, in cell cultures, low concentrations (<0.57 μg/L) of the fungicides azoxystrobin, chlorothalonil, and mancozeb were all directly toxic to the pathogenic fungus Bd that is implicated in worldwide amphibian declines. 164 However, exposure of tadpoles to any of these fungicides at field relevant concentrations, even those used to control Bd infections, resulted in higher Bd abundances and greater Bd-induced mortality. 164 Moreover, a field survey revealed that Bd prevalence was positively associated with concentrations of fungicides in ponds. 164 
■ RISK OF FUNGICIDES TO AQUATIC ORGANISMS
We showed that fungicides occur widely in aquatic systems and that they can be toxic for aquatic life. We evaluated their risks as the overlap of exposure and toxicity at the fungicide group level using field (SI Table S1 ) and effect concentrations from the peer-reviewed literature. Patchiness of data prohibited a comparison at the individual compound level. Our analysis revealed a considerable overlap of field and effect concentrations (including all levels of biological organization and both acute and chronic responses; see SI Table S2 for studies that contained lowest effect concentrations; Figure 4 ). The overlap was particularly large for DMI fungicides and strobilurins but was also evident for chloronitriles (i.e., chlorothalonil) and to a much lower degree the benzimidazoles. The absence of exposure data prohibited an evaluation for dithiocarbamates (see "Exposure" section). Note, however, that the solubility of chlorothalonil and dithiocarbamates in water is rather low (Figure 2) , reducing the likelihood of chronic exposures that underlie some of the depicted effect concentrations (SI Table  S2 ). Generally, microorganisms and invertebrates are most sensitive in each of the fungicide groups based on the lowest effect concentrations except in the chloronitriles group (chlorothalonil), where microorganisms and vertebrates are most sensitive (Table 2) . Moreover, a considerable overlap with the regulatory acceptable concentrations (RACs) determined during the European ERA (SI Table S3 ) was evident for both field and effect concentrations. The frequent overlap of exposure and effects for single compounds (SI Tables S1, S2, and S3), though to a lower degree than on the group level, confirms that the concluded risks on the aggregated level (i.e., groups) are not an artifact.
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The results of our analysis are supported by a comparison of field concentrations (SI Table S1 ) with standard toxicity data (i.e., acute data for algae, fish, and invertebrates) at the individual compound (substance) level. Within the ten substances for which the highest risk for adverse effects in aquatic ecosystems were indicated, three substances belong to the strobilurins (i.e., pyraclostrobin, azoxystrobin, and kresoxim-methyl) and two to the DMI fungicides (i.e., propiconazole and tebuconazole; Figure 5 ). Moreover, also the benzimidazole carbendazim and chlorothalonil rank among the substances of highest risk, indicating that representatives of the major fungicide groups are posing a risk to aquatic life (no assessment for dithiocarbamates because of limited data; see "Exposure" section). The reasons for the identified high risks and that current ERA practices are associated with RACs below field concentrations or above effect concentrations (Figures 4 and 5) are presumably manifold. Inter alia, the underestimation of field concentrations by exposure modeling (see "Exposure Modeling" section), the application of too small safety factors, 165 the use of higher-tier ERA methods that can strongly increase RACs, 88 and the noninclusion of most sensitive organisms (lowest effect concentrations often for fungi and fungal-like organisms; SI Table S2 ) in regulatory testing might have contributed to this situation. Risks were relatively similar across algae, fish, and invertebrates (range 9− Table S1 ), toxicity to different organism groups according to the literature (including acute and chronic end points; SI Table S2 ), and regulatory acceptable concentrations (RACs; SI Table S3 ) derived during the EU's ERA for (A) demethylation inhibitors, (B) strobilurins, (C) benzimidazoles, (D) chloronitriles (i.e., chlorothalonil), and (E) dithiocarbamates. Field concentrations and toxicities are presented up to the highest detected concentrations and down to the lowest effect concentrations, respectively. Yaxis limit was set to 1000, concentrations exceeding 1000 were cut. nd = not detected; na = not available. 11) for the individual compound-level analysis, though high risks tended to occur more frequently for invertebrates than algae or fish ( Figure 5 ). This confirms the elevated sensitivity for invertebrates identified during the analysis at the group level. Moreover, a comparison across continents showed most frequent risks for Europe (11 substances), followed by North America (6), Asia (4−5), Africa (3), and South America (2; see SI Table S4 for details). This situation might, however, not only mirror intensity of use but also monitoring efforts (see "Exposure" section; Figure 3 ).

■ RESEARCH GAPS AND RECOMMENDATIONS FOR
ERA
We showed that fungicides occur widely in aquatic systems at concentrations that are associated with adverse effects on several groups of organisms (Figure 4) , that the predictive accuracy of PECs is debatable, and that fungicide exposure can be effectively mitigated. We additionally demonstrated that fungicides can be highly toxic to a broad range of organisms and a high risk for aquatic biota was identified, for instance, for several representatives of the strobilurins and the DMI fungicides (Figures 4 and 5) . Below, we outline central research gaps that currently challenge our ability to predict fungicide exposure and effects, promising research avenues, and shortcomings of the current ERA procedures to assess fungicide risks:
1. Environmental Sampling to Fully Capture Fungicide Exposure. Most available nationwide or continental pesticide monitoring efforts have only given cursory consideration to a few fungicides, 43, 44 with little attention being paid to their persistence in sink compartments, such as sediments or biofilms. Moreover, these large-scale monitoring studies tend to only utilize grab water sampling, which likely underestimates exposure in aquatic systems. 45, 46 For a more reliable estimation of longer-term fungicide exposure, other methods, such as sediment sampling (bed and suspended), event-driven sampling, for instance during runoff events, and deployment of passive samplers, could be more frequently included in large-scale monitoring efforts (for a program including many of these methods, see the Regional Stream Quality Assessment by USGS; https://webapps.usgs.gov/rsqa). 166 Mixtures of fungicides were frequently detected in sediment samples, 39, 46, 50 thereby indicating that sediments deserve continued attention, and the persistence and effects therein warrant investigation. These efforts would add valuable information on the duration and magnitude of fungicide exposure to aquatic organisms throughout the year in both agricultural and urban environments. Another path of fungicide exposure to aquatic organisms is through their food (e.g., algae, biofilms, detritus), but the contribution of exposure through this pathway has received little attention. Identifying all pathways of environmental exposure over a longer time frame would allow for more realistic exposure modeling and aid in determining successful mitigation strategies to limit exposure and overall risk to aquatic organisms. Furthermore, more emphasis should be given to the characterization of land use (including in upstream catchments) in monitoring studies to allow for analysis of the importance of land-use types for fungicide transport to surface waters. Finally, orienting fungicide monitoring toward high use substances is warranted. In this context, the absence of reliable data for a widely used fungicide group, namely the dithiocarbamates (see "Exposure" section), would need to be remedied to allow for a comprehensive picture of the risks posed by fungicides.
2. Tracing and Predicting the Fate of Fungicides in the Environment. A major gap currently challenging the assessment of fungicide exposure and effects is the limited understanding of these substances' fate in the environment. 167 Using conventional approaches based on concentration measurements, dissipation processes can hardly be distin- Table S1 ; substances with ≥10 observations) and acute standard toxicity data (i.e., the base set; provided by the Pesticide Properties DataBase 40 ). Open symbols indicate that toxicity was provided as "greater than" values. Risk quotients >0.01 (dashed line) and >0. guished, because a decrease in concentration might also be caused by nondegradative processes (i.e., dilution, volatilization, sorption). Therefore, novel approaches, such as compound-specific isotope analysis or suspect/nontarget analysis of transformation products, 168 may enhance the identification of fungicide sources and transformation mechanisms. In addition, chiral fungicides (i.e., substances with at least two enantiomers, which are nonsuperimposable mirror images of each other) constitute a substantial portion of fungicides used worldwide. Although enantiomers have identical physicochemical properties, they may display different toxicity levels and degradation rates, and knowledge of enantioselective degradation of chiral fungicides remains scarce, rendering novel approaches to evaluate the fate of chiral pesticides necessary. 169, 170 Ultimately, information on isotopic and/or enantiomeric fractionation might feed into catchment and river reactive transport models to improve prediction of fungicide fate under variable environmental conditions. 171, 172 Such improvements in predicting fungicide fate seem necessary as the few studies on fungicide exposure predictions clearly show that the FOCUS modeling approach, used within the regulatory risk assessment of the EU, does not provide estimations that reflect actual field exposure to fungicides. 41, 65 As this might indicate that actual environmental risk of fungicides is underestimated, also further targeted analyses of parameters and scenarios of the FOCUS approach are needed. Furthermore, studies comparing fungicide PECs generated by the U.S. Environmental Protection Agency's exposure modeling approach (i.e., Pesticide in Water Calculator; https://www.epa.gov/ceam/ surface-water-models-assess-exposures) with actual surface water concentrations are required to test for the protectivity of these estimates.
3. Promoting Complementary Mitigation Measures. To reduce the input of fungicides into surface waters and the associated risks, taxation of pesticides, in particular of the most hazardous molecules (e.g., pyraclostrobin and azoxystrobin; as identified in the "Risk of Fungicides to Aquatic Organisms" section), might help to limit applied fungicide amounts, foster agricultural alternatives to pesticides, and steer consumer behavior toward more environmentally friendly products (as suggested by Skevas et al. 173 ). Replacing the most hazardous fungicides with more environmentally friendly alternatives might be seen as a complementary and necessary measure toward more sustainable agricultural practices. 174 Understanding potentially unwanted side effects of such a development might require detailed monitoring, assessment, and management of these alternative compounds integrating feedback from all involved stakeholders. Moreover, although buffer strips and VTSs seem promising to reduce fungicide loads in water bodies, it remains unclear how these systems should be designed, positioned on the landscape, and managed to optimize their fungicide retention potential. Monitoring and predicting the efficiency of managed buffer strips and VTSs over the lifespan of the systems and for a wide variety of fungicides and hydrological conditions will yield knowledge that helps to adapt these off-crop measures to changes in agricultural practice (e.g., crop rotation).
4. Consideration and Exploitation of Aquatic Fungi. Data remain insufficient for many fungicide groups, hampering the evaluation of sensitivities of various taxonomic groups. While targeted research is required to fill these gaps, a high risk of fungicide toxicity was commonly indicated for aquatic fungi (see "Direct Effects" and "Risk of Fungicides to Aquatic Organisms" sections). Given their important roles in ecosystem processes, 175 the fact that ERA ignores fungi is disconcerting and warrants reconsideration, particularly in the light of policy goals, such as the protection of ecosystem services to which they contribute. 176, 177 First developments of robust single-species tests are arising that could be included in ERA testing schemes. 178−180 Moreover, in the past, the interpretation of multispecies experiments or field monitoring with aquatic fungi has been compromised by, among other things, their challenging morphological identification. DNAbased methods such as metabarcoding and species-or groupspecific quantitative real-time polymerase chain reaction provide tools for taxonomic identification and biomass quantification. 181, 182 In addition, these methods offer new possibilities for solving major issues in stress and community ecology. Given their short generation times and small size, fungi are ideal model organisms to develop microcosm or field enclosure experiments to assess selection, adaptation, and their interaction with dispersal processes in (microbial) food webs.
5. Stronger Focus on Indirect Effects. Despite their potential to propagate to the functional level, indirect fungicide effects have received little attention compared to direct effects, which might be partly attributable to the difficulties to detect them and discriminate them from the latter. 183−185 Recent progress in proteomics and metabolomics, however, enables the clear identification of toxic effects, and in turn the identification and quantification of indirect implications. 186, 187 Moreover, stable isotope analysis might support the identification of indirect effects through reconstructing food webs within test systems, 188, 189 while potential shifts in isotope signatures due to toxicity need to be considered. 190 Given their sensitivity and the important roles they play in food webs, toxic effects in fungi seem prone to trigger indirect effects via both vertical (e.g., control of algae populations by chytrid fungi 191 ) and horizontal (e.g., tolerant species benefiting from a release from fungicide-sensitive competitors; see "Indirect Effects" section) interactions. Moreover, insights into potential indirect fungicide effects mediated via the gut microbiome are lacking. These effects might underlie many of the physiological effects of fungicides in invertebrates and vertebrates. 192, 193 Because indirect effects can propagate through bottom-up or top-down effects in food webs, 183 more testing at higher levels of organization seems required to identify effects that might remain undetected otherwise.
6. Considering Environmental Variation and Field Complexity. Current fungicide ERA tries to capture ignored ecological processes and environmental (i.e., variable environmental conditions and additional anthropogenic stressors) and management (i.e., pesticide use pattern in the upstream catchment) contexts via safety factors. 194, 195 However, little effort has been made to validate if safety factors sufficiently compensate for these processes and contexts. For instance, only a few studies have tested for the modulation of fungicide toxicity by environmental conditions, such as medium composition, 83,91 temperature, 196 or food availability, 197, 198 which generally pointed to stronger effects under suboptimal conditions. Moreover, to ultimately test the protectiveness of RACs, more field studies, complemented by laboratory experiments to prove causality of field associations, are required. 199, 200 Ideally, such investigations would span different climatic regions and different exposure histories because both the biogeographic region (demonstrated for carbenda- 119, 123 ) and previous exposure to fungicides (demonstrated for tebuconazole 84 and a fungicide mixture 201 ) can affect community sensitivities. 202 This approach would allow researchers to test if observed effect patterns are contextdependent, requiring system-or region-specific risk assessments.
7. Increased Use of Effect Modeling. The empirical testing of all species (or species assemblages) to even single fungicides, let alone considering mixtures and the environmental and management context, is unfeasible under current conditions. 203 Thus, scientific studies should strive to identify general findings at different levels of biological organization. 204, 205 Moreover, effect modeling is a promising tool to predict missing data. For example, toxicokinetic-toxicodynamic modeling based on acute mortality data provided protective predictions for fungicide effects under time-varying exposure. 206 Furthermore, multispecies quantitative structuretoxicity relation modeling predicted the toxicity of fungicides in 20 invertebrate and vertebrate indicator species with considerable precision. 207 However, despite these auspicious results, studies modeling fungicide effects are scarce. Therefore, an increase in effect modeling efforts is warranted to predict toxicity under variable environmental conditions while reducing animal testing whenever possible. Protection Agency (CAREER 83518801). We thank Dr. Michael Gross and two anonymous reviewers for comments on an earlier version of this manuscript. Any use of trade, firm or product names is for descriptive purposes only and does not imply endorsement by the U.S. Government.
■ ABBREVIATIONS
Bd
Batrachochytrium dendrobatidis CYP cytochrome P450 DMI demethylation inhibitor DT 50 50% dissipation time (half-life) EC 50 
